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Abstract
In this chapter, we evaluate nonnative invasive plant species of the urban–rural–natural 
area gradient in order to reduce negative impacts of invasive plants on native species 
and ecosystems. This evaluation includes addressing (i) the concept of urban areas as 
the primary source of invasive plant species and characteristics of urban nonnative 
plants, including their documented impacts on associated native plants and biodiversity 
along the urban–rural–natural area gradient, (ii) the most vulnerable land uses and 
potential barriers to invasion along the urban–rural–natural area gradient, and (iii) 
possible mitigation of invasions and urbanization using restoration or rehabilitation. 
Finally, we introduce three possible solutions: (i) use of spatially explicit land use 
planning and management that places invasion barriers between the urban core and 
the rural–natural area interfaces, (ii) increasing native and exotic species interactions 
within the urban core and rural–natural area interface, thereby increasing the number 
of pathogen and enemy interactions or the loss of novel weapons, and (iii) changing the 
horticultural trade and people’s behavior, such that propagule pressure is kept below 
threshold levels required by growing invasive plant populations.  

The rate of urbanization in the United States is increasing (Alig et al., 2004); more than 8% 
of U.S. land may be classified as urban by the year 2050 (Nowak and Walton, 2005). Urban-
ization rates are on the rise globally as well (United Nations Population Division, 2006; 
Grimm et al., 2008). Among other ecological impacts, the expansion of urban areas is poten-
tially increasing the rate of plant invasions and the extent of their corresponding effects on 
native plant species (Kareiva et al., 2007; McDonald et al., 2008; Williams et al., 2009). The 
goal of this chapter is to evaluate the reduction and containment of nonnative invasive 
plant species along the urban–rural–natural area continuum to prevent or alleviate their 
negative impacts on native species. Such negative impacts include local and global homog-
enization of plant species (McKinney, 2006), native species and community compositional 
changes, the displacement of native plant populations (Moffatt et al., 2004), and cascading 
effects on associated fauna (Callaway and Maron, 2006; Kagata and Ohgushi, 2006). We 
have organized this chapter into three sections: (i) urban areas as biodiversity hot spots 
and the primary source of nonnative invasive plant species, (ii) the urban–rural–natural 
area gradient in which both sites vulnerable to invasion and potential barriers to invasion 
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may exist, and (iii) restoration, rehabilitation, or 
mitigation of patches with nonnative invasive 
plant species along the gradient and when it may 
be best to take each approach—or to do nothing.

Characterized by disturbed and open habi-
tats and human-mediated introductions of hor-
ticultural plants, urban areas are epicenters of 
nonnative invasive plant species recruitment 
(Alston and Richardson, 2006; Smith et al., 2006). 
Indeed, nonnative plants have enhanced the 
ability of urban areas to provide ecosystem ser-
vices for their human inhabitants. In many cases 
these nonnative introductions have resulted in 
biodiversity values higher for urban and subur-
ban areas than for the native plant communities 
these land uses have replaced. However, there is 
some evidence that these urban-introduced non-
native plants are spreading within and beyond 
the urban–rural interface into rural and natu-
ral areas (Guo et al., 2006; Duguay et al., 2007; 
McDonald et al., 2008) and have become the tar-
get for natural area restoration efforts. Urban 
landscapes are a mosaic of remnant, managed, 
or abandoned patches (e.g., vacant lots) and the 
urban–rural–natural area continuum is a gradi-
ent of these patch types. These patch types vary 
in their vulnerability to invasion by nonnative 
plants, with the least vulnerable patches serving 
as potential barriers to invasion (Theoharides 
and Dukes, 2007). A lack of herbivores or preda-
tors promotes some plant invasions (Mitchell et 
al., 2006), but other biotic interactions, such as a 
dependency on mutualisms (Marler et al., 1999), 
may put some nonnative plants at a disadvan-
tage and consequently act as a barrier to inva-
sion. Efforts to restore or rehabilitate nonnative 
invasive plant species–infested sites may take 
place all along the urban–rural–natural area gra-
dient. However, some patches along the gradi-
ent or within the urban mosaic are composed of 
novel assemblages of species that include non-
native invasive plant species. These nonnative 
invasive plant species may provide similar func-
tions as the previous community before invasion 
(Zipperer, 2002; Hejda and Pyšek, 2006) or novel 
functions on which a new species assemblage 
is now dependent (Lugo, 2009). Attempting to 
restore historic conditions may be unreasonable 
in many cases, and accepting some novel ecosys-
tems in urban areas and the urban–rural inter-
face may enable these areas to maintain biotic 
and socioeconomic integrity.

We end the chapter by evaluating three possi-
ble management solutions to help reduce urban-
ization-mediated invasive plant impacts: (i) 
employing spatially explicit land use planning 

and management that places invasion barriers 
between the urban areas and natural systems; 
(ii) increasing native and nonnative species inter-
actions within urban areas and the urban–rural 
interface, thereby increasing the number of her-
bivore and pathogen interactions with nonnative 
invasive plant species; and (iii) influencing the 
horticultural trade and people’s behavior such that 
propagule pressure is kept below threshold levels 
required by spreading invasive plant populations.

Urban Areas as Plant  
Biodiversity Hot Spots or 
Epicenters of Nonnative Invasive 
Plant Species Introductions
Evidence of Urbanization Impacts on 
Native Plants: Homogenization and 
Plant Species Extinctions
Wilcove et al. (1998) estimated that 57% of the 
threatened or endangered plants in the United 
States are imperiled by alien plants. Gurevitch 
and Padilla (2004) reanalyzed the Wilcove et 
al. (1998) paper and concluded that only 4% of 
the imperiled plants were affected by invasive 
plants alone (excluding, e.g., habitat loss, alien 
herbivory). Levine et al. (2003) found 30 studies 
in which the impacts of invasive plants on native 
plants were examined, but also noted that 90% 
of these studies were solely observational com-
parisons between invaded and noninvaded loca-
tions, in which separating the effects of the inva-
sive plant from other confounding effects, such 
as habitat loss, fragmentation, disturbance, and 
site history (e.g., urbanization), was not possible. 
Thus, while some plant invasions may cause the 
demise of some native plant species, it is very 
difficult to separate the invasion from other fac-
tors, including those associated with urbaniza-
tion. We do not attempt to separate the factors 
affecting plant invasions from urbanization in 
this chapter, but instead provide support for the 
assumption that where there is urbanization, 
there are also likely to be plant invasions.

Theoretically, homogenization occurs as region-
ally distinct native communities are replaced 
by locally expanding, cosmopolitan, nonnative 
communities, essentially creating a “New Pan-
gaea”—in other words, there are no barriers to 
expansion (McKinney and Lockwood, 1999; Col-
lins et al., 2002; Olden and Rooney, 2006). There 
is mounting evidence of plant species homogeni-
zation and urbanization being one of the causes. 
Urbanization and its associated anthropogenic 
activities (e.g., housing development and road 
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building) and consequences (e.g., habitat loss and 
fragmentation) have a tendency to overcome bio-
geographical barriers to dispersal (La Sorte et al., 
2007), increasing the chances of homogenization. 
For instance, Schwartz et al. (2006) showed that 
California counties with the highest percentage 
increase in urbanization had very similar nonna-
tive plant species compositions, but very different 
rare native plant species compositions. They also 
showed that California counties with higher 
human population densities had more extirpations 
of rare plants, as well as more nonnative invasive 
plants. Olden et al. (2006) found that plants in 
North America (including Mexico) had the high-
est level (22%) of homogenization, in contrast with 
fishes (14%), reptiles and amphibians (12%), mam-
mals (9%), and birds (8%). The homogenization of 
plants was strongest in the northeastern states of 
the United States (Olden et al., 2006).

Homogenization does not necessarily equate 
to low diversity (in which species dominance is 
part of the equation), which suggests there are 
instances where homogenization can occur with 
few plant species extinctions and an increase 
in plant species richness. Rosenzweig (2001) 
and Vermeij (2005) argued that homogenization 
might occur in the short term, but that diver-
gence and speciation will counteract homogeni-
zation unless all physical geographic barriers are 
removed and all species isolation is prevented. 
Furthermore, the loss of species within intra-
trophic levels is rare, and competition between 
native and nonnative plants is not likely to result 
in extinctions (Davis, 2003).

Homogenization has not occurred in all 
urban areas. For example, Kühn and Klotz 
(2006) showed that the more urbanized cells in 
Germany were more similar in native species 
composition than nonnative species (post-1500 
CE species only) composition compared to the 
more rural cells. Remnants of native habitats 
within the urban areas were given as the pos-
sible explanation for maintaining similar native 
species populations. Different nonnative plant 
species invade different urban areas (Kühn and 
Klotz, 2006), decreasing the likelihood of global 
homogenization. Similarly, Celesti-Grapow and 
Blasi (1998) compared the species composition of 
five Italian cities and found that the species com-
position of the Mediterranean cities (e.g., Rome) 
reflected the vegetation of the surrounding land-
scapes, was rich in native species, and did not 
share the same nonnative species composition 
as the other Italian cities. They attributed this 
finding to the Mediterranean climate, in which 
the urban heat island effect is minimized. They 

also suggested that existing archaeological sites 
and ruins of the Mediterranean cities served as 
native species refugia within the urban core and 
also increased connectivity with other patches 
dominated by native species (Celesti-Grapow 
and Blasi, 1998; Celesti-Grapow et al., 2006).

Thus, while the general result of urbaniza-
tion and homogenization is an increase in the 
nonnative invasive plant/native plant species 
ratio (NNIPS/NS) (McKinney, 2006), this ratio 
depends on the stage of invasion of a sampled site 
and the number, size, shape, composition, and 
degree of connectivity of any existing patches of 
native species (Kumar et al., 2006). Sites in the 
early stages of establishment and invasion will 
tend to differentiate themselves with relatively 
rare nonnative plants (NNIPS/NS < 1), while 
sites at later stages of invasion are more likely to 
have NNIPS/NS > 1 (McKinney, 2004). Plants in 
early stages of invasion are more likely to be neo-
phytes (introduced post-1500 CE) as opposed to 
archaeophytes (introduced pre-1500 CE) (Kühn 
and Klotz, 2006). Plants from greater distances 
(e.g., outside a country’s borders vs. within a 
country) are also more likely to be in the early 
stages of invasion or new nonnative invasive 
plant species (McKinney, 2005).

While homogenization may not equate to 
increased rates of extinction, we are currently 
experiencing the sixth major extinction event in 
history. An estimated 5050 plants species have 
gone extinct since 1700 (Jablonski, 1986; Given, 
1990). Each of the past five mass extinctions 
eliminated more than 50% of the existing spe-
cies. Current trends suggest that this most recent 
mass extinction is also showing more than 50% 
of species in most taxa in decline (McKinney 
and Lockwood, 1999). Lavergne et al. (2005) con-
cluded that between 1886 and 2001, rare plant 
species in the Mediterranean region were more 
likely to go extinct if they were located in zones 
where human population density, cultivation, 
or livestock density had increased the most. In 
the Swiss lowlands, rare plant species are more 
likely to go extinct than common plant species, 
and rare plant species in wetlands and disturbed 
sites were more likely to go extinct than rare 
plant species in forests (Stehlik et al., 2007).

In a recent review of plant species extinctions 
and urban areas, Hahs et al. (2009) suggested 
that urban areas could be organized into three 
types: Type 1, in which most transformation 
from native vegetation occurred before 1600 CE; 
Type 2, in which transformation of native vegeta-
tion occurred after 1600 CE with intensive agri-
cultural transformation before or in association 
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with city establishment; and Type 3, in which 
transformation occurred late and urban expan-
sion occurred in relatively intact native plant 
communities and large areas of native plant com-
munities were still present. Type 1 and 2 urban 
areas experience the highest levels of plant spe-
cies extinctions, but Type 3 urban areas may be 
carrying an extinction debt that will be evident 
with time (Hahs et al., 2009). Celesti-Grapow and 
Blasi’s (1998) study on Italian Mediterranean cit-
ies and Kühn and Klotz’s (2006) study on urban 
areas in Germany may be examples of Type 3 
urban areas, whereas the urban areas studied 
by Schwartz et al. (2006) and Olden et al. (2006), 
located in North America, may be examples of 
Type 2 urban areas.

Urbanization may be an important cause of 
plant extinctions, but extinction risk in plants 
could be associated more with young and fast-
evolving plant lineages than with anthropo-
genic effects, such as urbanization (Davies et al., 
2011). In areas with increasing plant speciation, 
there are more plant extinctions. This observa-
tion may suggest that managing for plant extinc-
tions by controlling urbanization may not be as 
effective as it would be for other taxa, such as 
vertebrates, at least not in the species-rich Cape 
of South Africa, where the research of Davies et 
al. (2011) research took place. Schwartz and Sim-
berloff (2001) found that North American plant 
groupings with more species had disproportion-
ally more rare species than did plant groupings 
with few species. However, Pilgrim et al. (2004) 
reported that rare species in the United King-
dom were more often associated with species-
poor habitats than with any particular plant 
taxonomic grouping. Nonetheless, it is possible 
that the strong association between urban areas 
and plant extinctions could be due to, in part, 
higher plant speciation rates in urban areas 
(Davies et al., 2011).

There may also be patterns of species extinc-
tion based on plant characteristics. For instance, 
Williams et al. (2005) found that species with 
wind- and ant-dispersed seed in western Vic-
toria, Australia, were more likely to go extinct 
in urban areas than in rural and natural areas 
because of the degree of landscape fragmen-
tation associated with urban areas. Williams 
et al. (2005) also concluded that common and 
rare plant species were about equally likely to 
go extinct in urban areas, whereas rare species 
were more susceptible to extinction in suburban 
(peri-urban) and rural areas. If this pattern holds 
true, managing only for rare plant species while 
ignoring equally threatened common plants in 

urban areas could result in the loss of additional 
functionally important dominant plant species.

Species richness and extinction of species 
may not be as important to an ecosystem as spe-
cies composition, relative species dominance, 
and the functional make-up of the ecosystem. 
For example, Cortaderia jubata (Lemoine) Stapf 
(perennial nonnative tussock grass) invasions 
in coastal plant communities of California and 
Oregon have resulted in such a reduction in rela-
tive abundance of native shrub species that what 
was once a shrubland has now become primar-
ily a perennial grassland.1 Moreover, a signifi-
cant loss of arthropods dependent on the native 
shrubs has also occurred (Lambrinos, 2000). In 
contrast, Hejda and Pyšek (2006) found that Impa-
tiens glandulifera Royle (Himalayan impatiens), 
which is a nitrophilous plant invading riparian 
habitats in the Czech Republic, takes over the 
role of other dominant native nitrophiles, such 
as Urtica dioica L. (stinging nettle) and Cheno-
podium album L. (lambs quarters), but does not 
displace these species completely. Invasion by 
Himalayan impatiens did not cause observable 
changes in functioning of the plant community. 
More importantly, certain relatively inhospitable 
urban patches may be colonized only by nonna-
tive invasive plant species that are adapted to 
less than optimal growing conditions (e.g., infer-
tile and compacted soils). These particular non-
native invasive plant species may in turn serve 
important green-space ecosystem services by 
providing shade, sequestering carbon and pol-
lutants, and serving as a food source for pollina-
tors, herbivores, and pathogens.

Urban Areas and  
Urban–Rural Interface Definitions
Urban regions may be defined (though defini-
tions vary by country) as areas with a human 
population density of 100 to 500 people km−2 
(Niemelä, 1999; U.S. Bureau of the Census, 2011b), 
and areas that have a built-up core dominated by 
industrial, transportation, commercial, commu-
nication, and utility components, as well as resi-
dential areas (Weng, 2007). For our purposes, it is 
most useful to think of urban, rural, and natural 
areas not as separate entities, but rather as a gra-
dient or interface of human influence, with the 
urban areas manifesting the most human influ-
ence (Radeloff et al., 2005; Theobald and Romme, 
2007; Weng, 2007). This gradient often includes 
the urban and suburban core, surrounded by 

1 Nomenclature follows the Integrated Taxonomic Informa-
tion System (http://www.itis.gov, accessed June 2011).
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exburbia and exurban (sometimes referred to as 
peri-urban) remnants or pockets of urban devel-
opment, which in turn are embedded in the rural 
areas, surrounded by the natural areas or a hin-
terland matrix. Rural areas are primarily agri-
cultural land. As a comparison, urban areas may 
be defined as having 10 to 25 people ha−1, while 
rural areas have 0.025 to 0.3 people ha−1. The sub-
urban and exurban areas, thus, have between 0.3 
and 10 people ha−1 (Theobald, 2004; Fig. 5–1). Oth-
ers have combined the suburban, exurban, and 
rural components into the wildland–urban inter-
face and consider this interface where houses 
and natural areas coincide (Stewart et al., 2007). 
They further divide the wildland–urban inter-
face into the intermix, in which at least 50% of 
the area is naturally vegetated, and the interface, 
in which less than 50% of the area is naturally 
vegetated but still within 2.4 km of a contiguous 
and large natural area. With increasing urban-
ization and urban sprawl in the United States 
(i.e., the deconcentration of housing out of urban 
areas), the extent of the wildland–urban inter-
face intermix (82%) is increasing compared to the 
wildland–urban interface interface (18%; Ham-
mer et al., 2009). Every component of this com-
plex and dynamic gradient is an ecosystem with 
shared structure (e.g., trophic levels and species 
interactions) and processes (e.g., nutrients, water, 
and light) (Rebele, 1994; Bolund and Hunham-
mar, 1999) and with similar concerns about sus-
tainability of economic growth and biotic integ-
rity (Wu, 2008). More importantly, as the word 

“gradient” implies, the urban–wildland interface 
will reflect a gradation of shared site and species 
characteristics of urban, rural, and natural areas. 
The focus of this chapter is on how to decrease 
the impact of urban encroachment on rural and 
natural areas along the gradient.

Urban Area Uniqueness
Despite potential similarities and shared com-
ponents, urban areas are quite different from 
rural and natural areas. The higher degree of 
human influence in urban areas creates a vari-
ety of different habitats, some of which may not 
occur elsewhere. Indeed, landscape complexity 
within urban areas tends to increase with time 
as the population of the urban area grows and 
the number of smaller and different patches 
increases (Ellis et al., 2006). These patches or 
habitats may support a high level of both a and 
b species diversity (Niemelä, 1999; Pickett et al., 
2008) compared with surrounding rural and 
natural areas. These patches include (i) indus-
trial and commercial areas, (ii) residential areas, 

(iii) abandoned lots that may be without vegeta-
tion or may be converting back to vegetation, (iv) 
roads and other corridors that may or may not be 
tree-lined, (v) gardens, (vi) parks, (vii) emergent 
forests (afforested) (Zipperer, 2010), and (viii) 
remnant forests. More importantly, the high rich-
ness and diversity associated with urban areas 
are not due just to increases in nonnative species; 
in some cases less common or even rare native 
species are found within an urban area (Wania 
et al., 2006; Pickett et al., 2008). As discussed 
previously, however, urban areas tend to have 
a higher proportion of new nonnative plants or 
neophytes compared to rural and natural areas 
(Wania et al., 2006). There may also be a luxury 
effect, in which wealthier neighborhoods within 
urban areas have greater species richness, espe-
cially in terms of perennial nonnative species 
(Hope et al., 2003). Consequently, the habitats in 
urban areas are often distinct patches separated 
from each other by a matrix of the built-up core. 
The pattern of habitat patches and dynamics of 
these patches are determined by both ecological 
and socioeconomic factors. Ecologically, these 
patches may function as islands, suggesting that 
the theories of island biogeography (Long et al., 
2009), metapopulation (Hanski and Ovaskainen, 
2003), and patch dynamics (Zipperer et al., 2000) 
typically used in nonurban ecosystems may 
also apply to urban systems. On the other hand, 
urban planning is influenced by historic infra-
structure and the availability of current wealth 
to alter such infrastructure (Polasky et al., 2011). 
Individuals’ behavior in terms of choice in land-
scaping, living locations, and desired quality of 
life may also play a significant role in the pattern 
formation of habitat patches in the urban core, as 
well as the wildland–urban interface interface 
(Alvey, 2006).

Fig. 5–1. The six main components of the urban–rural–
natural area gradient and their associated characteristics. 
Modified from Carreiro et al. (2009).
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The physical environment of urban areas also 
contributes to their uniqueness. Cities, with a 
larger percentage of paved surfaces, often create 
heat islands, with night temperatures differing 
from surrounding rural areas by as much as 10°C. 
Precipitation may be higher in urban areas (and 
downwind of cities) than in surrounding areas 
because of meteorological effects and higher lev-
els of particulates in the atmosphere (Oke, 1995; 
Botkin and Beveridge, 1997; Pickett et al., 2001), 
but this pattern is not consistent (Lovett et al., 
2000; Ziska et al., 2004). Large amounts of imper-
vious surfaces also lead to increased stormwater 
runoff, which may contain high levels of nutri-
ents or toxins (Leishman and Thomson, 2005; Gill 
et al., 2007) as well as nonnative invasive plant 
species seeds. Deposition of inorganic nitrogen 
throughfall has been found to be higher in urban 
areas than in suburban and rural areas (Lovett et 
al., 2000). Urban areas often have higher levels of 
air pollutants and soil heavy metals compared to 
rural and natural areas (Pouyat and McDonnell, 
1991; Pickett et al., 2001; Nowak, 2010). The high 
heat loading associated with urban areas may 
play a role in shallower leaf litter depths asso-
ciated in urban forest remnants compared with 
rural and natural area forests (Kostel-Hughes 
et al., 1998a). Higher earthworm densities (espe-
cially nonnative earthworms in glaciated soils) 
in urban areas compared to nearby rural areas 
may also play a role in leaf litter depths in urban 
areas (Steinberg et al., 1997; Pouyat et al., 1997; 
McDonnell et al., 1997). Shallow litter depths 
have been correlated with increased likelihood 
of establishment of nonnative invasive plant 
species (Bartuszevige et al., 2007; Marshall and 
Buckley, 2008). The fragmented landscape of 
urban areas as well as atmospheric deposition of 
nitrogen and pollutants may explain the lower 
macrofungal species diversity associated with 
urban forest trees compared to trees of rural and 
natural areas. For instance, the long-term sta-
bility of ectomycorrizal fungi on oak (Quercus 
spp.) roots may be dependent on the fungal spe-
cies’ ability to colonize other forest patches (Car-
reiro, 2005). Higher carbon dioxide concentra-
tions, higher soil temperatures, increased irriga-
tion, and higher inorganic N deposition in urban 
areas compared to rural areas may lead to higher 
plant productivity in urban areas than in rural 
areas (Ziska et al., 2004).

Integrating complex social structures and pro-
cesses with ecological principles is required to 
truly understand urban ecosystems (Pickett et al., 
1997) and devise ways of ameliorating any nega-
tive influences on surrounding areas, including 
the spread of nonnative invasive plant species 

into rural and natural areas. Pickett et al. (2001) 
suggested that the best approach to integrating 
the social and ecological systems within urban 
areas is to focus on social differentiation and 
hierarchies, or define who gets what resources, 
when, how and why. Theoretically, this informa-
tion can be incorporated into a patch dynamics 
framework much like the ecological character-
istics of an urban area. Studies accomplishing 
this integration are few, however. Martin et al. 
(2004) showed a significant correlation between 
socioeconomic status (i.e., higher incomes and 
better education) and higher vegetation richness 
and cover. Hope et al. (2003) showed a signifi-
cant correlation between socioeconomic status 
(income) and increased plant diversity. Grove et 
al. (2006b) concluded that lifestyle behavior and 
housing age were more reliable variables than 
income or education. Lifestyle behavior was 
determined using a factor analysis of several 
variables including social rank (income and edu-
cation), household age and size, mobility (length 
of residency), ethnicity, housing density, and 
housing type (owner or renter). They suggested 
that this knowledge could lead to more practical 
management approaches involving marketing 
strategies for greener neighborhoods; strategies 
would build on particular social groups’ desire 
for social status and group identity. These link-
ages between social factors and plant species are 
not too surprising because humans often directly 
control plant richness and abundance in terms 
of what they choose to plant, whereas they may 
not have as much control over other functional 
groups (i.e., herbivores, predators, and parasites; 
Grimm et al., 2008).

Ten to twenty years may elapse between 
human socioeconomic factors (e.g., social strati-
fication) and changes in urban plant abundance 
or composition (Martin et al., 2004; Pickett et al., 
2008; Luck et al., 2009). This lag time effect may be 
due to different rates of social change (e.g., land-
scaping trends, housing density) and ecological 
change (e.g., growth and survival of those plant 
species). It may also be caused by the fact that 
it takes time for particular horticultural plants 
to gain popularity, but as they gain popularity 
and become common fixtures on many proper-
ties (both commercial and residential), propa-
gule availability increases and spread is more 
likely. For species that take time to become com-
mercially popular, the lag time effect may pro-
vide the opportunity to mitigate potential effects 
of invasive plants. More research is needed to 
determine densities of plants needed to reach 
spread thresholds.
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The environmental conditions and the pres-
ence of human-preferred horticultural plants 
that are both associated with urban areas could 
lead to differential selection of native plants and 
nonnative invasive plant species within urban 
areas (Williams et al., 2009), resulting in novel 
species compositions and interactions. One 
result could be the formation of emergent eco-
systems with novel species and social assem-
blages that have no analogs in rural or natural 
environments (Hobbs et al., 2006). If such emer-
gent properties result in a lack of coevolution 
with native species within the urban area, inter-
actions with native species of rural and natural 
areas may be less likely or less predictable, limit-
ing our ability to influence the potential impact 
urban plant species may have in surrounding 
areas to which they may spread. Moreover, it 
is important to distinguish novel functioning 
urban ecosystems from novel “ecological traps,” 
in which the occurrence of some plants depends 
on a constant flux from outside systems; that is 
they are not self-sustaining, reproducing popu-
lations. Rare native species in urban areas that 
are dependent on a flux of propagules from out-
side the urban area may be more susceptible to 
such ecological traps, especially if the urban 
area has high or increasing rates of disturbance 
(Kowarik, 2011) (Box 5–1).

Plant Species Composition in Urban Areas
While urban areas are unique, in part, because 
they contain both native and nonnative plants, 
not all nonnative plants become invasive. Instead, 
many follow the “tens rule,” which states that 1 
in 10 imported nonnative species will become 
introduced (escape from planted location into 
the natural areas), 1 in 10 introduced nonnative 
species will become established (form self-sus-
taining populations), and 1 in 10 of established 
species will become invasive or pests (manifest-
ing a potential negative economic impact on soci-
ety). While angiosperm, Pinaceae species, and 
pasture species appear to follow the tens rule, 
edible crop species do not because they fail to 
become established even though they are fre-
quently introduced into natural environments 
(Williamson and Fitter, 1996).

Several studies document nonnative plant 
occurrence in urban areas. For example, Bur-
ton et al. (2005) documented that the nonnative 
invasive shrub Ligustrum sinense Lour (Chinese 
privet) and the invasive tree Albizia julibrissin 
Durazz (silk tree) were more abundant closer to 
an urban area (Columbus, GA) along the urban–
rural gradient within riparian communities. 

They also showed that plant species diversity 
increased with increasing distance from the 
urban area (Burton et al., 2005). Also, Loew-
enstein and Loewenstein (2005) evaluated the 
understories of 15 riparian watersheds in west-
ern Georgia. The two watersheds that were pri-
marily urban contained between 24 and 29% 
nonnative plant species, while the four water-
sheds that were primarily mixed forest con-
tained between 4.3 and 12% nonnative plant 
species. However, the nonnative plant species 
occurred in the urban watersheds at a relatively 
low frequency and abundance, which in fact, did 
not differ significantly from the frequency and 
abundance of nonnative plants in the forested 
areas. In contrast, the watersheds in the urban–
rural interface, which were experiencing high 
levels of development, had nonnative plants 
more frequently and abundantly than any other 
watershed. Nonnative plant species importance 
values were as large as 45% compared to non-
native plant species importance values of 28% 
or less for nonnative plants found in the urban 
watersheds. Not all the nonnative plant spe-
cies in the Loewenstein and Loewenstein (2005) 

Box 5–1. Urban Areas of Developing Countries

The relationships associated with urban areas de-
scribed previously pertain mainly to urban areas of 
developed countries and not developing countries. 
The per capita resources in developing countries are 
many times lower than in developed countries, and 
growth is still concentrated around the urban core 
rather than surrounding suburban neighborhoods 
(Pauchard et al., 2006). An increasingly dispropor-
tionate number of low- to middle-income people 
live in urban areas in developing countries, and this 
disparity in urban vs. nonurban populations contin-
ues to widen (Cohen, 2004). Thus, urban areas of 
developing countries may be more homogeneous 
than urban areas of developed countries because of 
less income differentiation, but they still experience 
the loss of native habitat as the urban built-up core 
expands. However, some cities in developing coun-
tries, such as Brazil and Thailand, do have isolated 
forest fragments that allow some native species to 
persist (Turner and Corlett, 1996). By 2030 most of 
the residents of developing countries in Asia and Af-
rica, like Latin America now, will be located in urban 
areas (Cohen, 2006; Montgomery, 2008). The poor 
are urbanizing at a faster rate than the rest of the 
population in developing countries (Ravallion et 
al., 2007). Consequently, urban areas in developing 
countries may be less likely to have as many rem-
nants of native ecosystems over time, and are also 
likely to import relatively fewer new horticultural, 
potentially invasive plants than more affluent urban 
areas. The end result could be urban areas with rela-
tively low plant species biodiversity that may serve 
as sinks for already existing invasive plants, but that 
may not yet serve as a source of invasive plants. 
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study are necessarily invasive, but the overall 
abundance of the nonnative plants found in the 
developing rural (exurban) areas was due pri-
marily to three noted invasive nonnative plants, 
namely Ligustrum sinense Lour (Chinese privet), 
Lonicera japonica Thunb. (Japanese honeysuckle), 
and Microstegium vimineum (Trin.) A. Camus 
(Japanese stiltgrass).

As another example, we compared four large 
cities (Atlanta, GA; Chicago, IL; Los Angeles, CA; 
and New York, NY) for nonnative invasive plant 
species composition and found that the woody 
plant species growing in each city were 3.0, 21.3, 
25.5, and 32.9% invasive, respectively (Fig. 5–2). 
Clemants and Moore (2003) compared a similar 
set of cities (Boston, MA; New York; Philadelphia, 
PA; Washington, DC; Detroit, MI; Chicago; Min-
neapolis, MN; and St. Louis, MO), and found 45.7, 
34.8, 36.4, 34.3, 30.6, 32.9, 19.3, and 23.0% non-
native plant species, respectively. In their study, 
Minneapolis had the most dissimilar flora, sug-
gesting that homogenization was lower in the 
city with the smallest percentage of nonnative 
species. Clemants and Moore’s (2003) percent-
ages for New York and Chicago are likely higher 
than what we found because they include herba-
ceous species and all nonnative plants, not just 
invasive nonnative plants. Only woody inva-
sive species ³2.5 cm in diameter at breast height 
(dbh) are included in our comparison, which 
comprises canopy trees, smaller subcanopy 

trees, and larger shrubs. Woody species were 
considered invasive if they were included on 
compiled national invasive weed lists (Hueb-
ner et al., 2007; U.S. Department of the Interior, 
Bureau of Land Management, 2008; The Uni-
versity of Georgia, Center for Invasive Species 
and Ecosystem Health, 2010; USDA Forest Ser-
vice, Fire Effects Information System, 2011), or 
on compiled individual state lists (University of 
Georgia, Georgia Exotic Pest Plant Council, 2006; 
California Invasive Species Advisory Committee, 
2010; New York State Department of Environ-
mental Conservation, 2011; University of Geor-
gia, Center for Invasive Species and Ecosystem 
Health, 2011), or were listed as potentially inva-
sive because they were invasive in an adjacent 
state. If we include all nonnative woody species, 
we find 7.4, 48.1, 83.9, and 45.0% for Atlanta, Chi-
cago, Los Angeles, and New York, respectively, 
which are higher than the values found by Clem-
ants and Moore (2003). This result indicates that 
woody species in urban areas, especially cities 
located in nonforested matrices, appear to have 
disproportionally more nonnative species than 
do nonwoody species. Atlanta’s smaller values, 
compared with the other three cities, could be 
due to the predominantly forested matrix sur-
rounding the city and the presence of many for-
est remnants. Moreover, Atlanta has the small-
est metropolitan population size of the four cit-
ies (2010 data), approximately 5.3 million people 

Fig. 5–2. Percentage of total woody plant species that is included on (i) a compiled national invasive species list and not on either 
of the two following lists: (ii) a compiled state invasive plant species list, and (iii) species listed as invasive in adjacent states.



nonnative invasive plants

79

compared to 18.9 million in New York City, 9.5 
million in Chicago, and 12.8 million in Los Ange-
les (U.S. Bureau of the Census, 2011a). In all cit-
ies but Los Angeles, the invasive plants listed 
by each state tended to be more common than 
those invasive plants listed on national lists but 
not on individual state lists, suggesting that the 
national lists tend to be weighted more toward 
western species. The fact that each urban area 
had a few invasive species in adjacent states, but 
not yet in the urban area, indicates that adjacent 

states have similar invasive species problems. 
However, we must keep in mind that these lists 
contain the commonly recognized invaders and 
not newly established invaders (Box 5 –2).

In another study in Baltimore, only 5.2% 
of the overall tree species in the metropolitan 
area were invasive, showing some similarity to 
Atlanta. When a neighborhood in southwest Bal-
timore was evaluated at the local scale, however, 
approximately 53% of the tree and shrub species 
were nonnative invasive plant species (D. Nowak, 

Box 5–2. Case Study 1.

In our analysis, Ailanthus altissima 
(Miller) Swingle (tree of heaven; 
Fig. 5–Box 2a) was the most abun-
dant invasive species (in terms of 
number of stems) in Atlanta, Chi-
cago, and New York, while Acacia 
melanoxylon R. Br. (black acacia) 
was the most common invasive tree 
in Los Angeles. In terms of overall 
invasive tree leaf biomass and leaf 
area (abundance), Acacia spp. (mi-
mosa species), Lagerstroemia indica 
L. (common crape myrtle), and Pinus 
strobus L. (Eastern white pine) were 
most dominant in Atlanta, while 
Acer platanoides L. (Norway maple; 
Fig. 5–Box 2b) stood out as the most 
dominant in Chicago, and Norway 
maple and Morus alba L. (white 
mulberry) were the most dominant 
in New York. Eastern white pine is 
at its southern-most native range 
near Atlanta, GA, and it is possible 
that some of the stems originated 
from natural populations. However, 
Eastern white pine is also commonly 
cultivated and planted and is an 
aggressive seeder (Dirr, 1998). Tree 
of heaven may not be a dominant 
species in terms of leaf area because 
most of its stems in each city were 
small (below 30.5 cm dbh in Chica-
go and New York and below 15.2 cm 
dbh in Atlanta). Also, Norway maple 
in Chicago may be regenerating 
more slowly or have fewer oppor-
tunities for regeneration, in terms 
of habitat availability, than Norway 
maple in New York City; most of 
the stems are over 30.5 cm dbh in 
Chicago, while most Norway maple 
stems in New York City are less than 
30.5 cm dbh in size. 

Fig. 5–Box 2a. Number invasive tree stems by 
species as a percentage of the total number of tree 
stems (including native species) in New York City.

Fig. 5–Box 2b. Leaf area and biomass of invasive 
tree species as a percentage of the total leaf area 
and biomass of all tree species in New York City.
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R. Pouyat, and I. Yesilonis, 2006, unpublished 
data). Thus, there appears to be a mosaic of highly 
invaded vacant lots and emergent woodlands and 
less-invaded remnant urban forests mixed in with 
the built-up areas. Similarly, Walker et al. (2009) 
found that while species richness was higher in 
Phoenix, AZ than in the surrounding desert, spe-
cies richness at a local plot scale was lower in the 
urban core compared to the surrounding desert. 
The flora of Berlin, Germany comprises 34.6% 
invasive plants (neophytes). Of these neophytes, 
92.2% are Ailanthus altissima (Mill.) Swingle (tree 
of heaven) (Kowarik, 2008), suggesting that even 
among nonnative invasive plant species, some 
species are more likely to adapt and prosper in 
the urban environment. Nowak et al. (2002) also 
found that tree of heaven dominated Brooklyn, 
NY, but potentially high mortality (20% of this 
species’ stems were dead) indicates that tree of 
heaven may have low long-term survival there. 
This species is, nevertheless, likely to sustain 
its Brooklyn populations for some time because 
most of its individuals were saplings. In contrast, 
Norway maple, which is also common in Brook-
lyn, appears to be sustained by replanting efforts 
or natural regeneration (Nowak et al., 2002). Cit-
ies surrounded by more forests than other land 
uses may have more area classified as urban or 
suburban forests than cities surrounded by other 
land uses such as agriculture (Nowak, 2010). The 
highly invaded and disturbed fragments (e.g., 

vacant lots) and emergent forests of urban areas 
may be serving as the primary source popula-
tions for invasions into urban remnant forest 
patches as well as into the urban–rural interface.

Evidence indicates that invasive plants can 
spread within urban forests without any addi-
tional plantings. For example, between 1988 and 
2010, Norway maple presence has increased in 
abundance in Van Cortlandt Park, Bronx, NY 
(Fig. 5–3). Likewise, nonnative plant species 
increased in Pelham Bay Park, NY, by 39.7% 
between 1947 and 1998 (DeCandido, 2004). In 
fact, there are distinct species assemblages asso-
ciated with natural forest interiors that urban 
forests’ compositions fail to mimic, even in their 
interiors (Moffatt et al., 2004). Thus, persistence 
of remnant forests in urban areas as native spe-
cies refugia could be deceptive. While native 
species are present in such forests, some are in 
decline or have been eliminated (Moffatt et al., 
2004; Clemants and Moore, 2005). It is reason-
able to predict that eventually most urban forest 
remnants that are subject to continual and addi-
tional fluxes of nonnative invasive plant species 
propagules will be dominated by nonnative 
invasive plant species with a loss in native bio-
diversity, although overall species richness may 
remain the same. Such forests may then serve 
as sources of nonnative invasive plant species 
propagules rather than sinks. Indeed, urban 
forest remnants may be dominated by native 

Fig. 5–3. Evidence of increasing abundance of Norway maple in Van Cortlandt Park, New York, NY between the years 1988 
(a) and 2010 (b). White areas have no Norway maple, hatched areas have Norway maple present but not dominant, and solid 
gray areas have Norway maple as the dominant tree. Dominance was determined by visual estimates of the most abundant 
tree species present under a closed canopy. Maps were produced by Tim Wenskus and Clara Pregitzer of the City of New York, 
Parks and Recreation, Natural Resources Group and were used with permission.
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canopy trees with few if any nonnative invasive 
trees or vines, but still have invasive plant spe-
cies as components of the understory or seed 
bank. For instance, Kostel-Hughes et al. (1998b) 
found that the underlying soil seed bank of a 
New York City urban forest remnant contained 
nonnative invasive tree and vine seeds at low 
densities. Such forests may eventually convert 
to nonnative invasive plant species–dominated 
communities if a disturbance results in the 
removal of some of the canopy trees.

Thus, in terms of urban area nonnative inva-
sive plant species composition, it is clear that 
urban areas may vary both in terms of the per-
centage of nonnative invasive plant species 
and native species and in possible projections 
of future compositions or turnover of species. 
However, the potential for a loss of native spe-
cies exists for all urban areas as new nonnative 
invasive plant species are introduced. Nonna-
tive invasive plant species may be more likely to 
increase in dominance and adapt more quickly 
to the urban environmental conditions than may 
remnant native species. Moreover, the pattern 
of invasion of forest remnants (i.e., going from 
sink to source of nonnative invasive plant spe-
cies propagules) that we witness for a particu-
lar urban area may serve as an example of what 
to expect for the forest patches along the urban–
rural gradient.

Traits of Plants Found in Urban Areas
According to Williams et al. (2009), urban floras 
are a mixture of native species originally present 
in the area, native species that were absent from 
the area originally, and nonnative species. Urban 
floras are further defined by four environmental 
filters: (i) habitat transformation (i.e., conversion), 
(ii) habitat fragmentation, (iii) urban environ-
mental conditions, and (iv) human preference. 
Both habitat transformation and fragmentation 
(i.e., habitat loss) are not unique to urban systems 
and are human-caused filters found in most eco-
systems. These filters may also be considered 
top-down anthropogenic drivers (Walker et al., 
2009). In contrast, urban environmental condi-
tions and human preference are unique to urban 
systems and may help us define any unique traits 
associated with urban floras. Moreover, human 
plant preferences and environmental conditions 
associated with urban areas may be considered 
bottom-up drivers of change (Walker et al., 2009).

If habitat loss is the primary result of habitat 
transformation in urban areas, then the urban 
flora is predicted to be relatively simple in terms 
of diversity and functional traits. However, novel 

habitats may result from a transformation in 
which diversity and functionality broaden. Hab-
itat fragmentation generally selects for species 
with high dispersal capacity, high seed produc-
tion, seed banking capabilities, and indepen-
dence from mutualisms, such as specific polli-
nators and specialized mycorrhizae. The result 
may be a simplification to a flora dominated by 
pioneer and early-successional native species. 
However, invasive plant species share a number 
of these characteristics and, at least in the short 
term, could increase species diversity by colo-
nizing urban areas (Williams et al., 2009). Other 
plant-trait patterns are also worth noting. For 
example, native, perennial plants with gravity 
(barochores) or wind dispersal (anemochores) 
mechanisms are more common to natural and 
rural forest remnants than to urban areas, and 
nonnative, woody plant species with animal-dis-
persed (endozoochores) seeds are more common 
to urban areas (Moffatt and McLachlan, 2004). 
Also, seeds of pioneer species and many inva-
sive species in the urban areas are well adapted 
to seed dispersal via vehicles along roadsides. 
Indeed, seeds of both native and nonnative plants 
are more likely to travel outbound (from urban to 
rural) than inbound (from rural to urban; von der 
Lippe and Kowarik, 2008). Dispersal along road-
side corridors is likely to lead to extra-range dis-
persal or dispersal into new habitats (Wilson et 
al., 2009). The fragmented patches found in urban 
areas may provide stepping stones for dispersal 
by birds and mammals as they forage in or main-
tain territories. The relatively large amount of 
edge (with more available light) associated with 
smaller patches may increase fleshy fruit produc-
tion of many invasive plants as well as increase 
fruit removal by birds and mammals. The abun-
dance of perches (trees or manmade structures 
such as telephone wires) found in urban areas 
along corridors also results in enhanced fleshy-
fruited seed deposition by roosting birds (Gos-
per et al., 2005). The distance between perches 
and fruit-source patches is important in terms of 
dispersal by most vectors including wind, birds, 
and mammals. Wind dispersed species tend to 
have dispersal distances of approximately 200 
to 300 m; bird-dispersed species typically have 
dispersal distances of around 1 km (Robinson 
and Handel, 1993; With, 2002). Birds have been 
shown to disperse seeds as far as 1200 m (Gos-
per et al., 2005) or even further (e.g., 6 km, Haas, 
1995). Understanding the spatial characteristics 
of the urban landscape and the potential disper-
sal guilds that can be attributed to the species 
within the urban community may enable better 
predictions about species spread.
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In response to habitat transformation and 
fragmentation, nonnative invasive plant species 
associated with urban environments may be best 
defined as opportunists that occupy: 

1. Novel niches (given the unique environ-
mental characteristics of urban areas) not 
previously occupied by a native species.

2. Niches that are empty because of a 
disturbance.

3. Existing niches, where they may coexist with 
native species or displace native species by 
outcompeting them (Moles et al., 2008).

As opportunists, invasive plants may be 
described as passengers of change rather than 
drivers of change, such as habitat loss and 
environmental conditions (MacDougall and 
Turkington, 2005). Invasive species may affect 
resource availability and subsequently suppress 
native species abundance, but only in response 
to the changes caused by a disturbance (Didham 
et al., 2005). Even with niche stasis, opportunistic 
urban flora may still share genetic and func-
tional species traits in response to habitat loss 
and fragmentation.

Rapid shifts in either fundamental or realized 
niches could be occurring in response to urban 
environmental conditions and human prefer-
ence filters. Evidence shows that environmen-
tal changes directly related to plant invasions 
(drivers of change rather than passengers) have 
occurred. Examples include measured changes 
in ecological processes after invasions, such as 
increases in soil N availability, altered N fixa-
tion rates, or litter with higher rates of decom-
position (Ehrenfeld, 2003; Gómez-Aparicio and 
Canham, 2008b), evolution of species traits due 
to changes in species genetic make-up, and evi-
dence of rapid adaptation to new conditions 
(Pearman et al., 2008). Changes in disturbance 
regimes, such as fire frequency, are also attrib-
uted to some nonnative invasive plant species, 
such as Bromus tectorum L. (cheat grass; Mack 
and D’Antonio, 1998). If niche shifts are the 
norm, the traits we are associating with nonna-
tive invasive plant species may be best defined as 
post-invasion characteristics that have formed in 
response to the urban environment. The bottom-
up effects of the urban environmental conditions 
and human preferences filters may enable such 
direct changes in ecosystem processes. Changes 
in ecosystem processes may then halt succession 
such that assembly rules for successional species 
are altered, new persistent plant communities 
are formed, and nonnative plants may become 

the dominant species (Holdaway and Sparrow, 
2006; Ricotta et al., 2008).

However, the ability to change ecosystem 
processes directly may not be a requirement 
for stalled succession trajectories or the forma-
tion of alternate stable states. Stalled succession 
could also be a product of habitat transformation 
or fragmentation, that is, the top-down filters of 
change. For example, cheat grass may invade pas-
sively and persist without any changes in ecosys-
tem function in terms of decomposition rates, N 
mineralization rates, plant cover, or soil nutrients, 
but still negatively impact soil biota species rich-
ness (Belnap et al., 2005). Richness of the soil biota 
appears to be less important than the presence of 
key species with the ability to maintain the eco-
system functions that can still support the previ-
ous native plant community once the dominant 
nonnative is removed (Belnap et al., 2005). Thus, 
depending on a variety of complex factors, includ-
ing original and current species composition 
(Ehrenfeld, 2003), restoration of urban patches 
with seemingly stalled succession may still be 
possible. Nonetheless, persistently degraded 
invaded sites that seemingly have stalled succes-
sion are more likely to occur in sites that are abi-
otically limited (e.g., low soil fertility), intensively 
disturbed, and fragmented with limited coloniza-
tion by native species (Cramer et al., 2008); these 
conditions may describe many patches of an 
urban area except urban forest remnants.

The urban physical environment may serve 
to filter species that are able to persist in species 
assemblages that can tolerate more stressful envi-
ronments or rapidly take advantage of resource-rich 
conditions that exist in some urban habitats. In 
some cases, such species assemblages have a 
higher degree of taxonomic similarity (Ricotta et 
al., 2008). There is support for both a negative and 
positive relationship between native and nonna-
tive invasive species relatedness and the degree 
of invasiveness of the nonnative species. Some 
findings support Darwin’s assertions that more 
closely related species are less likely to be invasive 
because they share resource needs and vulnerabil-
ities to herbivores and pathogens (Darwin, 1859; 
Strauss et al., 2006). On the other hand, Duncan 
and Williams (2002) in New Zealand and Daehler 
(2001) in Hawaii found that nonnative species 
were more likely to be invasive in environments 
in which there are closely related native species 
also present; they both concluded that the nonna-
tive plants may be more successful because they 
are pre-adapted to the environmental conditions. 
Lambdon and Hulme (2006) found no consistent 
pattern between plant species relatedness and 
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invasiveness, which may indicate that functional 
traits rather than taxonomic relatedness are more 
important when we evaluate the ability to invade 
a community successfully. According to Fargione 
et al. (2003), existing native species are most likely 
to inhibit their own displacement by an invading 
species if the existing and invading species share 
the same functional guild (i.e., legumes, forbs, C3 
grasses, and C4 grasses). Urban areas have high 
biodiversity in part because existing native species 
assemblages are likely dominated by early-suc-
cessional species that share functional attributes 
with many invading nonnative species. High plant 
species diversity within urban areas is also attrib-
utable to urban patch types varying in terms of 
light availability, allowing for colonization by both 
shade-intolerant and shade-tolerant nonnative 
invasive plant species. The shade-tolerant non-
native invasive plant species may, in turn, share 
niche requirements of the native K-selected (or 
late successional) plant species. Nonetheless, while 
forests are not immune to invasions (Martin et al., 
2009), rapid invasion by shade-tolerant nonnative 
invasive plant species is still more likely in forest 
patches with high edge/interior ratios (Martin and 
Marks, 2006). The effects of relatedness between 
native and nonnative plants is likely to vary 
among Hahs et al.’s (2009) three types of urban 
areas. Type 3 urban areas, in which there are sev-
eral remnant native communities, share the fewest 
functional attributes with any nonnative invasive 
plant species. The native species here inhibit their 
displacement by nonnative invasive plant species 
by occupying niches that nonnative invasive plant 
species are less likely to invade. The archaeophytes 
of older urban areas (i.e., Type 1) can be difficult 
to distinguish from indigenous flora due to a lack 
of historical information and are thus considered 
naturalized. Nonetheless, archaeophytes were cul-
tivated for nutritional, medicinal, fiber, dyes, and 
possibly, though less likely, purely ornamental rea-
sons. Neophytes may have been cultivated for the 
same reasons, but, more recently, most appear to 
be purely ornamental (Wittig, 2004). Nonetheless, 
archaeophytes, early-successional native spe-
cies, and neophytes still share similar functional 
roles, leading to coexistence rather than exclusion. 
Although complete loss of archaeophytes in these 
older urban environments is unlikely, neophytes 
appear to be reducing their overall abundance 
at least in typical Type 1 cities found in central 
Europe (Wittig, 2004).

Given that the stressful habitats with low soil 
fertility and the unusually productive habitats 
with high soil nutrients (e.g., due to storm-water 
runoff or N deposition) may not encompass 
the entire urban area, but instead are found in 

isolated patches, the patches with such environ-
mental conditions could be colonized by species 
that are selected specifically for those conditions, 
thus increasing overall biodiversity. Indeed, 
the unique climatic conditions associated with 
urban areas may create new urban niches, result-
ing in selection for plant species, such as tree of 
heaven, adapted to climate warming and stress-
ful environments as well as rapid utilization 
of such abundant resources, such as light and 
nutrients (Kowarik, 1995; Willis et al., 2010). Such 
species may more easily increase their range as 
the climate warms, making urban areas poten-
tial refugia for species adapted to comparatively 
warmer environments. Species richness may not 
change, but instead genetic sorting within each 
species may be a response to the unique urban 
environmental and fragmented conditions. For 
example, populations of Brassica rapa L. (field 
mustard) have been shown to become more phe-
nologically similar in response to climate change, 
such that populations are less reproductively 
isolated (Franks and Weis, 2009). Phenologi-
cal changes associated with climate warming 
most often result in earlier flowering and seed-
ing, which could potentially place any species 
migrating from urban areas into nearby rural 
areas and natural areas at a reproductive advan-
tage. (Box 5–3)

Nonetheless, environmental variables may be 
less important than putative propagule sources 
(Moffatt et al., 2004; Alston and Richardson, 
2006). Richness of nonnative invasive plant spe-
cies found in vulnerable rural and natural sites 
is positively associated with shorter distances to 
the urban propagule source (Alston and Rich-
ardson, 2006). Human preference impacts urban 
species composition both through increasing 
propagule pressure and the selection of partic-
ular species. For example, the number of non-
native trees and shrubs has increased in some 
cities over time compared to other plant habits 
(i.e., herbs and graminoids; Celesti-Grapow and 
Blasi, 1998). In Florida, horticultural species that 
are aquatic herbs and vines or have larger native 
ranges (Africa or Asia) are more likely to become 
naturalized (Pemberton and Liu, 2009). Popular 
species in urban areas are more likely to have 
greater numbers of individuals, which in turn 
increases their probability of becoming an inva-
sive plant (Lockwood et al., 2005, 2009; Colautti 
et al., 2006; Duggan et al., 2006). Propagule pres-
sure includes not only number of individuals 
at a given time but also introduction frequency 
and time since first introduction. Species that 
have been introduced multiple times for a rela-
tively long time period are more likely to become 
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invasive than species with few introductions 
over a shorter time (Křivánek et al., 2006; Lock-
wood et al., 2009). It is also possible for propa-
gule pressure to be so high that less than opti-
mal environments or environments normally 
resistant to invasion are overwhelmed by the 
volume of propagules (Von Holle and Simberloff, 
2005). In fact, the lag time effect is attributed to 
several nonnative plants, perhaps because these 
species may require 20 or more years to accumu-
late sufficient numbers of propagules before they 
are recognized as invasives (Crooks, 2005; Sim-
berloff, 2009). There may also be a socioeconomic 
connection to propagule pressure. Dehnen-Sch-
mutz et al. (2007) found that horticultural plants 
that had high market frequency (more com-
monly available in stores) and cheap seed prices 
were more likely to become invasive after 20 yr 
than less frequently available species with more 
costly seeds.

However, a reduction in overall plant density 
or cover compared to that of the surrounding 
natural areas is a known dramatic outcome 
of urbanization (Walker et al., 2009), suggest-
ing that while urban areas may be the primary 
source of different plant species invading sur-
rounding rural areas and natural areas, overall 
propagule pressure from urban areas may not 
be sufficient to explain the spread of invasive 
nonnative plants into these rural and natural 
areas. Instead, characteristics associated with 

the urban–rural–natural area interface may be 
equally or more important as the traits of poten-
tial plant invaders from urban areas.

Urban–Rural–Natural Area Gradient
Rural and Natural Areas  
Most Vulnerable to Invasion
Rural areas tend to have greater connectivity 
among habitat types that are made up of relatively 
large patches with small edge/interior ratios, high 
canopy closure values, and high soil moisture val-
ues when compared to urban areas (Moffatt and 
McLachlan, 2004). There is an environmental gra-
dient extending from urban, rural, and natural 
areas with decreasing temperatures (Oke, 1995), 
lower light transmittance (Moffatt and McLach-
lan, 2004), and lower heavy metal concentrations 
in the soil (Pouyat and McDonnell, 1991).

The most vulnerable nonnative invasive plant 
species propagule sinks within rural and natu-
ral areas from urban areas may be characterized 
as three land use types: (i) abandoned old fields 
or agricultural lands, (ii) new housing develop-
ments, and (iii) transportation corridors. Aban-
doned agricultural lands, which are increas-
ing in number (Cramer et al., 2008), have been 
shown to have a legacy effect that makes them 
more susceptible to invasion, possibly because 
historically cultivated lands often have higher 
soil cation concentration and soil pH values 

Box 5–3. Case Study 2.

Plasticity to a wide range of envi-
ronmental conditions, including 
response to various levels of 
soil moisture, light, and nutrient 
availability has been attributed 
to nonnative invasive plant 
species (Funk, 2008). Japanese 
stiltgrass’ ability to compensate 
in variable environments has 
been well documented (Clar-
idge and Franklin, 2002), but 
there do appear to be limits 
to this plasticity. For example, 
plants growing in relatively drier 
environments produce smaller 
seeds, and such seeds appear to 
be less viable (Huebner, 2011). 
Consequently, it may be possi-
ble to utilize known weaknesses 
of nonnative invasive plant spe-
cies to prevent further spread 
from urban areas. Fig. 5–Box 3. Seed weight across a moisture gradient. The Fernow and Cooper 

sites are located in the relatively wetter Allegheny Plateau, and the R-V sites are 
located within the drier Ridge and Valley region West Virginia, with the Cooper 
sites being somewhat intermediate in location (closer to the R-V sites). From 
Huebner (2011).
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than noncultivated lands (Kuhman et al., 2011). 
Abandoned agricultural lands may also be more 
susceptible to invasion because the pathways 
of native species succession have been altered 
due to the absence of biological legacies (Frank-
lin, 2007). Moreover, much of this agricultural 
land is being converted to residential or hous-
ing developments, which is usually followed by 
commercial and industrial land uses or more of 
those exurban patches throughout the interface 
(Westphal, 2001). Traditional types of agriculture, 
such as terracing, appear to facilitate native veg-
etation recovery and are less likely to be invaded 
by nonnative invasive plant species, possibly 
because such forms of agriculture reduce soil 
erosion and the removal of natural vegetation 
(Pretto et al., 2010). Active agricultural fields 
have proven to serve as barriers to spread of at 
least one invasive shrub, Lonicera maackii (Rupr.) 
Herder (Amur honeysuckle) in southwestern 
Ohio landscapes (Hutchinson and Vankat, 1998). 
Maestas et al. (2003) also found that active pas-
ture or ranch land had lower nonnative plant 
cover and richness than exurban developments 
and a nature reserve in the same Colorado land-
scape. Active agricultural fields have also served 
as barriers to the movement of understory bird 
species in the fragmented landscape of an island 
off the coast of Chile (Sieving et al., 1996), which 
may in turn limit the dispersal of many non-
native plant species. Hess (1994) has also found 
that both urban and agricultural land areas may 
block the spread of disease, such as rinderpest in 
wildlife populations.

Richness of nonnative invasive plant spe-
cies is positively related to distance to the near-
est house and cover is positively related to the 
density of houses in a given area (Sullivan et al., 
2005; Gavier-Pizarro et al., 2010a,b). While hous-
ing developments serve as likely sources of non-
native invasive plant species once occupied and 
maintained by the residents, new developments 
are linked to high levels of disturbance, includ-
ing the removal of trees and the installation of 
infrastructure (sewer and water lines, roads). 
Likewise, roadsides serve as disturbance cor-
ridors that provide environmental conditions 
favorable for establishment of nonnative inva-
sive plant species and also provide pathways 
for dispersal vectors of nonnative invasive plant 
species propagules (Theoharides and Dukes, 
2007; von der Lippe and Kowarik, 2008).

Compared to these three land use areas 
characteristic of exurban landscapes, relatively 
undisturbed forests are considered among the 
least likely habitats to be invaded by nonnative 

invasive plant species, mainly due to low-light 
conditions and possibly due to relatively high 
native species biodiversity, which may make 
them more resistant to invasions. Biodiversity as 
a potential barrier to invasion has been shown to 
occur at a local scale in grasslands (Tilman, 1994; 
Naeem et al., 2000; Kennedy et al., 2002). How-
ever, forest types with higher species richness 
and diversity have also been shown to be more 
susceptible to invasion at both local (Gilbert and 
Lechowicz, 2005; Huebner and Tobin, 2006) and 
regional scales (Stohlgren et al., 1999) than are 
less diverse forest types. Vilà et al. (2007) looked 
at a very broad range of habitats across northeast-
ern Spain and found that invasive plants were 
more likely to invade habitats with intermediate 
native plant richness instead of the two extremes 
of very high or very low richness. The discrep-
ancies about whether diverse communities are 
more or less vulnerable to invasion by nonna-
tive invasive plant species may be best explained 
by focusing on functional (shared morphologi-
cal and physiological traits) diversity rather than 
species diversity (Pokorny et al., 2005). We have 
already discussed the fact that many nonnative 
invasive plant species share traits with native 
early-successional and shade-intolerant species. 
Because mature forests are primarily composed 
of K-selected species, shared functions with non-
native invasive plant species may be less likely to 
occur. In addition, both nonnative invasive plant 
species and high forest native understory plant 
diversity are also correlated with sites rich in 
soil nutrients and with relatively high pH, poten-
tially explaining the correlation between forest 
sites high in native species diversity and likeli-
hood of nonnative invasive plant species estab-
lishment. Environmental conditions that favor 
native species richness also often favor nonna-
tive invasive plant species richness (Gilbert and 
Lechowicz, 2005).

Disturbance or management of forests of any 
type makes them more susceptible to invasion 
by nonnative invasive plant species (Hobbs and 
Huenneke, 1992). Moreover, the landscape con-
figuration of abandoned habitats and emergent 
woodlands or grassland habitats within the frag-
mented urban–rural interface may increase the 
probability of certain disturbance events, such 
as wildfire spread in the wildland–urban inter-
face interface (Radeloff et al., 2005). Fire may be 
more likely to occur due to increased fire igni-
tion sources (i.e., litter burning around housing 
developments; Sturtevant et al., 2009) compared 
to natural areas, and greater connectivity of fuels 
(vegetated areas and fire-prone native vegetation, 
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such as chaparral (Syphard et al,. 2007) or fire-
prone nonnative vegetation, such as cheat grass 
(Mack and D’Antonio, 1998) than found in the 
urban areas. There is also a synergy between 
landscape fragmentation and disturbed habitats, 
such as harvested forests (Franklin and Forman, 
1987) and grazed pasturelands (Hobbs, 2001), 
that makes colonization by nonnative plants 
more likely. Likewise, nonnative invasive plant 
species may spread more easily through a frag-
mented landscape with greater connectivity of 
road corridors, emergent woodlots, and aban-
doned or disturbed fields and forests (Hobbs 
and Huenneke, 1992; Minor et al., 2009; Thiele 
et al., 2009).

More stressful habitats where there is com-
petition for limited resources are less likely to 
be invaded (Alpert et al., 2000). However, what 
defines a stressful condition is species-specific, 
and several studies have shown no reduction in 
invasibility of a stressed site vs. a less stressed 
site (usually defined by degree of resource avail-
ability; MacDougall et al., 2006; Funk, 2008). It 
would appear that urban areas could be select-
ing for nonnative invasive plant species that are 
more tolerant of the unique urban environmen-
tal conditions, which could be stressful to previ-
ously abundant native plant species.

The sites least vulnerable to invasion should 
be those with strong biological legacies that 
make them resilient to perturbations as well as 
invasions (Franklin et al., 2002). Sites that recover 
after a disturbance by rapid colonization of com-
positionally and structurally complex native 
species assemblages, which follow predictable 
r (early successional or ruderal) to K (late suc-
cessional) native species successional trajecto-
ries, are less likely to be invaded by nonnative 
plants. Such rapid colonization is usually possi-
ble because of the persistence of a native species 
seed and seedling bank as well as nearby native 
seed and pollinator sources (Krueger-Mangold 
et al., 2006; Swanson et al., 2011). Maintenance of 
these biological legacies is more likely to occur in 
larger forest patches with smaller edge/interior 
ratios. Zones with noted edge effects (presence 
of edge plant species) in northeastern decidu-
ous forests of the United States have been esti-
mated to be as large as 40 m wide (Matlack, 1994). 
Though nonnative invasive plant species are not 
likely to be found in the interior of a large for-
est patch with relatively little edge, forest inte-
rior species tend to be well represented in forest 
edges, as well as in forest interiors. Indeed, there 
may be few if any forest interior species that 
occur only in the forest interior (Godefroid and 

Koedam, 2003). Biological legacies may be easier 
to maintain with greater landscape connectiv-
ity of naturally vegetated areas (or less overall 
fragmentation) in addition to larger patch sizes. 
Greater landscape connectivity may ensure pol-
linator access as well as native seed dispersal 
over a larger area than the individual patches 
(Saunders et al., 1991; Hobbs and Yates, 2003).

Nonnative Invasive Plant Species 
Interactions with Native Flora as  
Barriers to Invasion
Species interactions involving plants can be orga-
nized into three main types: (i) pathogens and 
herbivores, (ii) mutualisms and facilitation, and 
(iii) competition, as well as combinations of these 
interaction types. The enemy release hypothesis 
is based on invasive plants’ lack of interactions 
with pathogens and herbivores relative to associ-
ated native plants’ interactions, giving the inva-
sive nonnative a competitive advantage (Mitch-
ell et al., 2006). The scientific literature contains 
examples of enemy release (Mitchell and Power, 
2003; Maron et al., 2004), as well as examples 
of no significant release from herbivores and 
pathogens compared to associated native plants 
(Agrawal et al., 2005; Parker and Gilbert, 2007). 
Inconsistencies with this hypothesis may be due 
to how damage was measured (visible vs. invis-
ible stress) and use of congeneric native species 
to make comparisons instead of any associated 
native competitor for a given site. Congeneric 
species are more likely to share herbivores and 
pathogens, possibly making this comparison 
overly conservative. Whether or not nonnative 
invasive plant species benefit from a release of 
enemies may also depend on the availability of 
resources. A nonnative invasive plant species 
competitive advantage may occur only when 
resource availability is high, as is true for many 
urban patches, including urban forest patches. A 
return to predisturbance conditions with lower 
resource availability may once again favor the 
native species (Daehler, 2003). (Box 5 –4.)

Moreover, herbivores and pathogens of non-
native invasive plant species can accumulate 
over time, making this a form of biotic resis-
tance; indeed, some native pathogens and her-
bivores may develop a preference for nonnative 
invasive plant species (Parker and Hay, 2005). 
However, Torchin and Mitchell (2004) argued 
that the number of new pests that accumulate 
on an invader is only a fraction of the number of 
old pests that were lost from their native range 
(up to 75%) for most plant invaders. Nonetheless, 
closer interactions with a diverse native species 
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pool may increase the chances of pathogen and 
herbivore accumulation on nonnative invasive 
plant species over time. For example, several 
species have shown evidence of accumulating 
pathogens and herbivores, a few of which are 
severe in their impact and are postulated as pos-
sible biocontrols. These include rose rosette dis-
ease of Rosa multiflora Thunb. (multiflora rose; 
Tipping, 2000). Additionally, tree of heaven has 
shown significant mortality due to wilt caused 
by Verticillium albo-atrum Reinke & Berthier 
(Schall and Davis, 2009), and Japanese stiltgrass 
has shown 40% reduction of seed production in 
plants infected with the leaf blight fungus Bipo-
laris spp. (Kleczewski and Flory, 2010). Unfortu-
nately, there are also examples of newly accumu-
lating pathogens that not only limit the abun-
dance of nonnative invasive plant species, but 
also negatively impact associated native spe-
cies at a greater severity, which increases the 
nonnative invasive plant species’ competitive-
ness. Eppinga et al. (2006) showed that Ammo-
phila arenaria (L.) Link. (marram grass) in Cali-
fornia accumulates local soil pathogens that 
affect associated species more negatively than 
they affect marram grass. Mangla and Callaway 
(2008) similarly showed that Chromolaena odorata 
(L.) R.M. King and H. Rob. (siam weed) in India 
accumulates the soil pathogen Fusarium semitec-
tum Berkeley & Ravenel to the detriment of asso-
ciated native species. Pathogens on nonnative 
invasive plant species that negatively impact an 
associated native species may be best described 
as novel weapons. Research has identified the 
use of allelopathy as a novel weapon by several 
nonnative invasive plant species, including Alli-
aria petiolata (M. Bieb.) Cavara and Grande (gar-
lic mustard; Stinson et al., 2006), Fallopia japon-
ica (Houtt.) Ronse Decr. (Japanese knotweed; 
Murrell et al., 2011), and tree of heaven (Gómez-
Aparicio and Canham, 2008a). Allelopathic com-
pounds can accumulate in soils over time if the 
nonnative invasive plant species populations are 
not removed, leading to costly restoration efforts 
that include not only adding seed or transplants 
but also removal or leaching out of the allelo-
pathic compounds.

Shared mutualisms (i.e., with mycorrhizae, 
pollinators, and seed dispersers) between non-
native invasive plant species and associated 
native plants may increase competition for such 
interactions. Native species close to nonnative 
invasive plant species may initially help attract 
mycorrhizae, pollinators, or seed dispersers, 
which would be beneficial to nonnative invasive 
plant species and native species alike. If, however, 
nonnative invasive plant species dominate a site, 

the pollinators, seed dispersers, and mycorrhi-
zae may grow to be too scarce to be beneficial 
to the associated native species (Traveset and 
Richardson, 2006). Conversely, nonnative inva-
sive plant species could become so dependent on 
mutualisms that they become less competitive 
when the mutualisms are removed, especially at 
sites where resources may not be abundant. For 
instance, Marler et al. (1999) found that the inva-
sive forb Centaurea stoebe ssp. micranthos (Gugler) 
Hayek (formerly C. maculosa; spotted knapweed) 
was more competitive against larger Festuca ida-
hoensis Elmer (Idaho fescue) than smaller Idaho 
fescue, when arbuscular mycorrhizal fungi 
were present than when the fungi were absent. 
Moreover, neither species benefited signifi-
cantly from the mycorrhizae without competi-
tion (Marler et al., 1999).

A nonnative invasive plant species sur-
rounded by high native plant species diversity 
is more likely to encounter competition from 
native species, but only when there is a lack of 
resource or niche availability (Levine et al., 2004) 
and the nonnative invasive plant species does 
not possess a novel weapon (Cappuccino and 
Arnason, 2006) or other characteristics (lack of 
pathogens) that make it more competitive. None-
theless, inherently stronger competitive abilities 
are often attributed to nonnative invasive plant 
species as opposed to associated native species, 
and these characteristics are not the result of 
a lack of enemies or possession of novel weap-
ons. However, such innate competitive abilities 
are not supported well in the literature, pos-
sibly because the study designs have thus far 
been inadequate (Vilà and Weiner, 2004). Sher et 
al. (2000) found that the native Populus deltoides 
Bartr. ex Marsh (trembling aspen) grows faster 
than the nonnative Tamarix ramosissima Ledeb. 
(salt cedar) and could outcompete it if it reaches 

Box 5–4. Uniqueness of Urban Food Webs

Urban food webs, like urban species composition, 
also may be considered unique. A lack of large 
predators in urban areas has resulted in increased 
numbers of adult birds, while an abundance of feral 
cats has decreased the numbers of fledgling birds, 
although this situation may be changing as coyotes 
increase in abundance in urban areas (Faeth et al., 
2005). An abundance of flowering ornamental plants 
has led to large numbers of generalist pollinators in 
urban areas. However, richness of pollinators has 
likely decreased because of less overall abundance 
of native species. Predation of insects by the abun-
dant number of adult birds may have resulted in rel-
atively low numbers of arthropods, including many 
pollinators, in cities (Faeth et al., 2005). 
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a site at the same time as or before salt cedar. 
Similarly, Huebner (2005) showed that the native 
Rhus hirta (L.) Sudworth (formerly R. typhina; 
staghorn sumac) could outgrow tree of heaven 
if seedlings were started at the same time. Not 
allowing invasive plants to colonize a disturbed 
site before native species appears to be an impor-
tant strategy, which lends even more credence 
to having biological legacies of abundant native 
seeds in the seed banks.

Restoration, Rehabilitation,  
or Mitigation of Nonnative 
Invasive Plant Species
Examples of Positive Impacts of 
Removal or Eradication of Nonnative 
Invasive Plant Species
Restoration of invaded sites, such as remnant for-
ests, in an urban area, as well as along the urban–
rural–natural area gradient may be one way of 
slowing or even preventing homogenization 
and the spread of nonnative invasive plant spe-
cies. Successful restoration is contingent on the 
degree (intensity and duration) of degradation 
and the time since invasion. Successful restora-
tion of sites is more likely to occur in sites far-
ther away from urban centers along the urban–
rural–natural area gradient. Indeed, it is likely 
that only rehabilitation or reclamation or even 
just smaller mitigation efforts should be applied 
within urban areas; restoration may never be a 
realistic goal. There are some examples of suc-
cessful restoration of remnant forests within the 
natural and rural portion of the urban–rural 
gradient. For instance, Hartman and McCar-
thy (2004) showed that removal of Amur hon-
eysuckle from forested areas within a disturbed, 
regenerating forest in Ohio resulted in success-
ful growth of planted 1-yr-old, native tree seed-
lings. Restoration success varied by native tree 
species as well as by climatic conditions during 
the 3 yr of measurements and microenvironmen-
tal differences within and between sites. Bakker 
et al. (2003) similarly showed that removal of 
Agropyron cristatum (L.) Gaertn. (crested wheat-
grass) from grasslands planted in this perennial 
invasive grass 50 yr ago followed by broadcast-
ing seeds of native grass species resulted in suc-
cessful establishment of native grasses, but not 
complete elimination of the crested wheatgrass. 
They suggested that success is more likely when 
removal (via herbicide treatments) of the crested 
wheatgrass is done during dry years and seed 
broadcasting conducted during wet years (Bak-
ker et al., 2003). Both of these examples involved 

active planting of native species. Ideally, we 
would like many sites to autogenically regen-
erate without seed addition because of existing 
biological legacies in the form of seed or seed-
ing banks or nearby seed sources (Franklin et al., 
2002). Donath et al. (2003) showed that successful 
re-establishment of native species in flood plain 
meadows of the Rhine valley in Germany with-
out seed or seedling addition is limited by dis-
persal even under the most favorable environ-
mental conditions.

Examples of Negative Impacts  
of Removal or Eradication of  
Nonnative Invasive Plant Species
We mentioned earlier that Hejda and Pyšek 
(2006) showed that Himalayan impatiens did not 
negatively impact the ecosystem when it took 
over the functional roles of dominant native spe-
cies. Hulme and Bremner (2006) also found that 
removal of Himalayan impatiens led to increases 
in abundance of other nonnative species, indi-
cating that this may be an instance where no 
control or management of a nonnative invasive 
plant may be the best strategy. Urban butterfly 
fauna in Davis, CA are dependent on nonna-
tive plant species found in Davis. In fact, more 
than 40% of the butterflies have no known native 
hosts in urban–suburban areas of Davis (Shapiro, 
2002). Because of the potential negative impact to 
native butterflies, Shapiro (2002) concluded that 
money spent on eradicating nonnative plants 
from urban areas would be better spent on buy-
ing and managing any remaining native habitat 
remnants within the urban area. We would pre-
dict that such impacts are more likely to occur 
closer to the urban core of the gradient, where 
interactions between native and nonnative spe-
cies may have had more time to develop. This 
pattern may not always hold true. For instance, 
salt cedar removal has been stalled in several 
riparian areas because the endangered Empi-
donax traillii extimus A.R. Phillips (southwestern 
willow flycatcher) depends on it for nesting habi-
tat (Zavaleta et al., 2001). It would be interesting 
to know if the interactions with the endangered 
flycatcher more commonly occur closer to urban 
areas where salt cedar was first introduced as an 
ornamental shade tree. Thus, without adequate 
planning, attempted eradications of nonnative 
invasive plant species could have detrimental 
impacts on other native species that have grown 
dependent on these nonnatives. These findings 
support the assertion of Davis et al. (2011) that 
we should no longer focus the origin (native vs. 
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nonnative) of a species but rather their function 
in a given ecosystem.

Moreover, nonnative invasive plant species 
could serve a temporary role in restoration, espe-
cially in sites that have been degraded to such an 
extent that soil fertility has been lost (D’Antonio 
and Meyerson, 2002; Lugo, 2004). For example, it 
has been suggested that Acacia spp. be planted 
after removal of Imperata cylindrica (L.) P. Beauv. 
(cogon grass) to promote more rapid native 
woody species colonization instead of re-estab-
lishment of cogon grass (Kuusipalo et al., 1995). 
Use of nonnative invasive plant species for reha-
bilitation is risky, but the risk may be worth it 
when human activity has severely modified 
environmental conditions (Ewel and Putz, 2004), 
such as in urban areas. Degraded site conditions 
that are physical modifications (loss of soil or soil 
fertility and increased heat due to a heat-island 
effect often associated with urban areas) may 
warrant the use of nonnative invasive plant spe-
cies more than would sites degraded only bioti-
cally (Ewel and Putz, 2004). Indeed, some physi-
cally degraded sites in urban areas can support 
only particularly hardy nonnative invasive plant 
species, such as tree of heaven. Extreme degrada-
tion of sites is not limited to urban areas, but may 
also be found along the urban-rural-natural area 
gradient. For instance, even the mature forests of 
Puerto Rico show nearly equal nonnative inva-
sive plant species and native species biomass and 
greater nonnative invasive plant species diver-
sity than native species diversity. While urban 
forests of Puerto Rico have higher nonnative 
plant importance values (65%) than mature for-
ests, the relatively undisturbed mature wet for-
ests still have a nonnative plant importance value 
of 41% (Lugo 2004). It is unlikely to be cost-effec-
tive to restore forests in which the roles of nonna-
tive invasive plant species clearly dominate, and 
such forests still play a valuable functional role, 
albeit as novel communities. These novel forests, 
which support wildlife, cycle nutrients, store car-
bon, accumulate species, and perform other valu-
able ecosystem functions, exist worldwide (Lugo, 
2009). It may be that these novel mature forests 
may be the ultimate realistic goal for most urban 
forest remnants. Unfortunately, many urban for-
est remnants in the United States do not appear 
to be evolving into functional novel systems; 
rather, they seem to be degrading, with a loss of 
native tree species and potentially the eventual 
loss of all canopy trees, depending on the suc-
cessional trajectory and remnant biological lega-
cies. Reasons behind this change include the rel-
atively small size of many urban forest patches, 
continual disturbance in such patches and 

adjacent patches, and minimal efforts (often bud-
get related) to rehabilitate urban forest patches 
(McPherson et al., 1997). The rate of degradation 
of some remnant urban forests may also be influ-
enced by nonnative insects and pathogen invad-
ers, which may decimate entire populations of 
particular native tree species. Examples include 
Agrilus planipenis Fairmaire (emerald ash borer; 
Poland and McCullough, 2006) and Lymantria 
dispar L. (gypsy moth; Foss and Rieske, 2003). 
Tree cover in urban areas tends to decline as pop-
ulation density increases. As urban areas expand, 
however, the rate of conversion of once-forested 
land to fragmented urban forests also increases 
(Nowak et al., 2001). It is also important to dis-
tinguish potentially functional urban forest 
remnants from urban forest remnants that serve 
as ecological traps. For instance, several for-
est patches within the Allegheny National For-
est in Pennsylvania, USA are now dominated by 
Rhamnus cathartica L. (common buckthorn), and 
common bird species may utilize this species for 
their nests (Schmidt and Whelan, 1999). Treat-
ment of these populations of common buckthorn 
could have potential detrimental effects to birds. 
On the other hand, these birds could be experi-
encing high levels of nest predation because the 
structure of the shrub requires that the birds 
build their nests relatively close to the ground 
(Schmidt and Whelan, 1999).

Solutions
Spatially Explicit Land Use  
Planning and Management
At the risk of oversimplifying a complex prob-
lem, we have shown first that urban areas are a 
primary source of nonnative invasive plant spe-
cies and that abandoned and developing lands 
along the urban–rural–natural areas gradient 
are the most susceptible to invasion. While the 
road corridors leading out of urban areas are 
unlikely to decrease or stop being sources of 
dispersal of nonnative invasive plant species, it 
may be possible to change land use in such a way 
that less susceptible land uses can serve as fil-
ters or barriers to reduce the spread of nonnative 
invasive plant species. For instance, placement 
of active agricultural or pastoral lands between 
urban areas and rural developments may slow 
the spread of nonnative invasive plant species. 
These agricultural lands may still harbor nonna-
tive plants, but these plants tend not to be inva-
sive (Williamson and Fitter, 1996). However, it is 
critical that such agricultural lands be allowed to 
go fallow for only short time periods. Instead of 
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or in addition to agricultural land, it may be pos-
sible to retain or restore large, contiguous for-
ested areas, which also serve to slow the spread 
of many species. However, these forested areas 
may be best managed as parks or harvested only 
under very controlled conditions, for example 
by using low-impact silvicultural methods, use 
of certified (cleaned) equipment, and use of cer-
tified (weed-free) seed. The size of the agricul-
tural or forested buffer should be based on likely 
dispersal distances of known birds and mam-
mals in the urban area. To reduce the potential 
for isolating some bird and insect populations 
within the urban areas, roadside corridors could 
be used. We could buffer the road corridors with 
native grass buffers that would make establish-
ment of nonnatives more difficult and make 
the roads less of a disturbance corridor for the 
spread of nonnative invasive plant species.

A landscape design in which urban areas are 
linked to their own (well-managed) agricultural 
or natural area zones may lead to a lower agricul-
tural carbon footprint as well as a lower urban 
carbon footprint, because there would be less 
need for intercity or interstate transport of food 
products and more local access to agricultural 
products and natural areas. Such easy access to 
fresh produce and other agricultural products as 
well as nature would add to the number of ame-
nities already available in urban areas, including 
cultural amenities (e.g., theater, art, and music). 
Indeed, urban farming has recently increased in 
popularity as noted by recent books on the sub-
ject (e.g., City Farmer by L. Johnson, 2010; Urban 
Agriculture by D. Tracey, 2011). Perceived limita-
tions of urban growth beyond the agricultural or 
forested zone are of concern. One option may be 
to include flexible or expanding buffers that can 
respond to an expanding urban area. Though 
we are not advocating a zero-growth policy, we 
are proposing urban sustainability, which may 
require that in response to increases in popu-
lation, city planners and other decision-makers 
exercise some restraint on urban sprawl and 
focus on vertical growth in response to increases 
in populations instead of horizontal expansion 
(Wu, 2008). Increased communication among 
land managers, scientists, and urban plan-
ners may enable successful utilization of exist-
ing smart growth policies (Burchell et al., 2000). 
These policies focus on (i) use of urban growth 
boundaries that prevent expansion, (ii) increas-
ing mixed land uses to minimize travel, (iii) 
charging impact fees on new developments that 
individual consumers pay rather than the gen-
eral public, (iv) increasing residential densities, 
and (v) revitalizing older neighborhoods. Several 

of these principles have proven difficult to imple-
ment because they would likely lower property 
values or are more difficult to accomplish due to 
increased regulations (i.e., new developments 
in the city; Downs, 2005). Nonetheless, imple-
mentation of even just one of the smart growth 
policies, i.e., revitalization of older neighbor-
hoods and vacant lots with urban gardens and 
small farming plots, could still have a signifi-
cant impact on reducing the spread of nonnative 
invasive plant species along the urban–rural– 
natural area gradient.

Native and Nonnative Species 
Interactions within the Urban Core  
and the Urban–Rural Interface
Restoring and increasing the size of urban for-
est remnants or native grasslands (depending 
on the natural landscape of the urban area)—in 
other words, increasing the urban green space 
in the urban core and the urban–rural inter-
face—will increase the number of native species 
present within the urban core and help maintain 
native species populations in the urban–rural 
interface. The native species associated with this 
green space will likely be coexisting with nonna-
tive invasive plant species that may be adapted 
to the unique environmental conditions associ-
ated with urban areas. Having larger urban for-
est patches will not only increase the availabil-
ity of native species’ seed propagules relative to 
those of nonnative invasive plant species, but it 
will also increase the number of biotic interac-
tions, perhaps reducing the time for herbivores 
or pathogens to find respective nonnative inva-
sive plant species, which in turn could reduce 
the nonnative invasive plant species’ competitive 
capacity over time. There is a risk that increasing 
such interactions could result in shared mutual-
isms with native plant species that could result 
in competition for pollinators or dispersal agents. 
If native species are kept at an appropriate popu-
lation size, however, coexistence may be possible 
and may be the realistic goal. More research is 
needed to know what nonnative invasive plant 
species and native plant species population sizes 
will promote such coexistence in urban areas 
and lead to beneficial interactions with other tro-
phic levels.

We have focused on relict or remnant origi-
nal green space, but it is also possible to increase 
green space using built or rehabilitated parks 
and gardens. Indeed, the more fragmented and 
accessible these parks are throughout the urban 
core, the better it would be for biodiversity 
(Smith et al., 2006). The latter statement may hold 
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true only if the parks or gardens are well-man-
aged and are dominated by edible crops (Wil-
liamson and Fitter, 1996) or have a high degree of 
beta diversity across the urban area, comprising 
a variety of species (both native and nonnative), 
with few similarities in species composition 
among the green patches. This premise will not 
only help maintain high levels of biodiversity but 
may also prevent propagule buildup of poten-
tially invasive species. Increasing the amount of 
green space in urban areas also decreases some 
of the negative environmental conditions associ-
ated with urban areas, which in turn may also 
reduce the likelihood of invasion by many non-
native invasive plant species. Such conditions 
that appear to promote plant invasions include 
the heat-island effect (Gill et al., 2007), water run-
off, and contaminated storm water runoff that 
transports high levels of nutrients (Leishman 
and Thomson, 2005; Gill et al., 2007). Last, the 
perceived health of the people living in the city 
is also likely to improve with increased urban 
green space, especially for the less affluent areas 
within the urban area (Maas et al., 2006).

Manipulating the Nonnative Invasive 
Plant Species Propagule Pressure  
in Urban Areas
Educating buyers and sellers of horticultural 
plants not to buy or sell known invasive plant 
species has proven to be difficult and is primar-
ily voluntary, but there has been some success. 
The U.S. National Invasive Species Council’s 
2008–2012 Invasive Species Management Plan 
calls for the Animal and Plant Health Inspection 
Service (APHIS) to develop screening protocols 
for invasive plants, but such protocols are not 
yet developed (National Invasive Species Coun-
cil, 2011). There are a number of suggested pro-
tocols in the literature (Tucker and Richardson, 
1995; Reichard and Hamilton, 1997; Maillet and 
Lopez-Garcia, 2000) that have, thus far, proven 
to be inadequate for scientific or economic rea-
sons. Nationally, several ornamental horticul-
ture organizations have endorsed the Voluntary 
Codes of Conduct, which states that the signers 
of the document will decrease the use of known 
nonnative invasive plant species (Niemiera and 
Von Holle, 2009). In Florida, growers voluntarily 
agreed to stop growing 45 known nonnative 
invasive plant species, but faced with an eco-
nomic analysis that showed a potential loss of 
$59 million, they could not agree to stop growing 
14 other known nonnative invasive plant species 
(Wirth et al., 2004). A greater challenge is with 
the new horticultural species of which there is 

likely to be a steady supply, especially in the 
more affluent urban sectors. Educating or train-
ing home owners and landscapers to understand 
the ecological impacts of known plant invaders 
and to value variety by not purchasing the most 
popular landscape plants is a start. Incentives to 
purchase native species or less popular and less 
aggressive nonnative plants instead of known 
nonnative invasive plant species could be made 
available through local, state, or federal subsi-
dies. Cities could also set an example by promot-
ing the planting of native and noninvasive non-
native tree species along public right-of-ways 
and using a variety of species instead of many 
of the same species both along roadsides as well 
as in city parks and near city-owned buildings. 
For example, New York City has a program pro-
viding incentives to increase urban tree canopy 
cover by 30% by the year 2030 (Grove et al., 2006a). 
Use of such models as the Urban Forest Effect 
(UFORE) model enables cities to monitor tree 
composition within urban areas with minimal 
effort as well as monitor potential ecosystems 
services of the trees and urban forest remnants 
(Nowak et al., 2008). Perhaps more importantly, 
such species lists should be considered dynamic, 
keeping climate change in mind. Moreover, use 
of a variety of noninvasive plant species spa-
tially as well as temporally not only reduces the 
potential loading of propagules from any one 
plant species but will also reduce the impacts of 
any associated pathogens or insects that may be 
inadvertently introduced into the area.

Conclusions
We conclude that nonnative invasive plant spe-
cies associated with urbanization can negatively 
impact exurban and urban remnant natural 
areas, but these impacts can be avoided with var-
ious planning and management measures that 
include strategic placement of barriers to inva-
sion and leaving larger buffers around the urban 
core. In addition, increasing green space within 
the urban core and urban–rural interface will 
promote novel yet functional plant communities. 
Such novel communities will not only provide 
positive environmental benefits to the urban 
area, but also increase biotic interactions with 
potential herbivores and pathogens that could 
reduce their invasive potential; these communi-
ties thereby act as barriers to invasion. Diverse 
novel communities with large areas dominated 
by native species should also reduce the propa-
gule pressure of any known nonnative invasive 
plant species as well as potential future nonna-
tive invasive plant species, thus decreasing the 
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likelihood of establishment and spread of non-
native invasive plant species along the urban–
rural–natural area gradient. These changes 
would still allow for urban growth but in a more 
sustainable direction.
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